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This dissertation was motivated by the problem of pattern and scale in ecology.  
All chapters present models that aim at predicting species’ responses to habitat 
fragmentation. Chapters differ mainly in the nature of the responses being investigated: 
spatial variation in abundance, or dispersal. In each chapter, I illustrate how current 
models can be modified to incorporate species’ perception of the landscape. Three 
sources of bias have been examined here: interspecific variation in (i) ecological 
neighborhood, (ii) ecological generalization, and (iii) in the response to regional 
processes. I have deliberately moved away from traditional single-scale, patch-based 
measures of landscape connectivity. Great emphasis has been placed on the 
anthropogenic aspect of the landscape, and on the role of the landscape matrix.   
Habitat fragmentation is a common feature of most (if not all) biodiversity 
hotspots. I hope the tools shown here can serve as general approaches to study how 
species are differentially affected by habitat fragmentation, and to ultimately understand 
how disturbed landscapes can “filter” natural communities.  
 vii
Table of Contents 
List of Tables ...........................................................................................................x 
List of Figures ....................................................................................................... xii 
Chapter 1: What is a Patch? Reflections on Measures of Landscape Pattern……..1 
 Pattern and Scale.............................................................................................1 
 Measures of Habitat Cover .............................................................................3 
 The Emergence of Dispersal Corridors...........................................................7 
 Grid-Based Approaches in Ecological Niche Modeling …………………....9 
 Moving to Grid-Based Measures of Ecological Pattern …………………...10 
 Literature Cited .............................................................................................11 




Methods and Analyses ..................................................................................16 
Field Site ..............................................................................................16 





Literature Cited .............................................................................................26 




Methods and Analyses ..................................................................................32 
 viii
The Landscape Graph ..........................................................................32 
Applications to Artificial Landscapes..................................................36 




Literature Cited .............................................................................................52 
Chapter 4:  Primate Densities in the Atlantic Forest of Southeast Brazil: The Role of 




The Primates at the Brazilian Atlantic Forest ......................................58 
Data for Primate Species in the Brazilian Atlantic Forest ...................59 
Tools Used in the Present Study ..........................................................62 
Methods and Analyses ..................................................................................64 
Study Area ...........................................................................................64 
Target Genera.......................................................................................64 
Compilation of Census Data ................................................................64 
GIS .....................................................................................................66 
Random Forest .....................................................................................68 
Results...........................................................................................................69 
General Aspects ...................................................................................69 
Determinants of Primate Density.........................................................70 
Discussion.....................................................................................................77 
Predicted Primate Density Hotspots ....................................................77 
Areas in Need of Future Research .......................................................80 
Acknowledgements.......................................................................................81 






List of Tables 
Table 1-1:     Summary of differences between patch and grid approaches to describe 
landscape pattern……………………………………………………11 
Table 3-1: Grids used to construct the relative cost maps used in the present study, 
their original spatial resolution (pixel size), period of data collection, and 
operations performed on original grid values. ..................................40 
Table 3-2: Conservation units included in the present study. Each unit in a pair can 
serve as a source or a target for dispersing organisms. The first line 
contains the straight-line distance between units (in kilometers), and the 
second line shows the percentage of 500-m2 cells deleted from the 
corridor as a result of simulating fragment removal. ........................43 
Table 3-3: Mean and variance of the cost of least-cost path linking conservation 
units (divided by 1000), calculated using the Multiple Shortest Paths 
(MSPs) tool. For each pair, the top row shows results calculated before 
fragment deletion (scenario C1), and the bottom row shows results 
obtained after fragment deletion (scenario C2). ...............................48 
Table 4-1:  Primate species inhabiting the Brazilian Atlantic forest, their 
conservation (IUCN) status, number of sites that have been censused 
using the line-transect technique, and number of populations with 500 
individuals or more. CE = Critically endangered, E = Endangered, V = 
Vulnerable. See Appendix I for references.......................................61 
Table 4-2:  List of GIS layers containing the independent variables used in the tree 
regression analysis. ...........................................................................67 
 xi
Table 4-3:  List of the five most important determinants of primate density for five 
primate genera. See Table 3-2 for variable codes.............................71 
 xii
List of Figures 
 
Figure 1-1:  A fragmented landscape in Sao Paulo, Brazil ………………………….4 
Figure 1-2:  The “Matrix” vs. “Patch”  Dichotomy………………………………....7 
Figure 1-3:   Example of a Corridor Connecting Two Protected Areas……….…….8 
Figure 2-1: Study site in Los Tuxtlas, Mexico, showing the nine sampling points 
labeled as F1– F9. .............................................................................17 
Figure 2-2: Schematic example showing the procedure to measure scale-dependent 
associations with forest cover. ..........................................................20 
Figure 2-3: Variation in regression fit from models relating forest cover and bat 
abundance. ........................................................................................22 
Figure 3-1: The landscape graph. In most software packages, grid maps are 
internally represented as a graph. Vertices (V) are located in cell centers.
...........................................................................................................23 
Figure 3-2: Illustration of the procedure for calculating the CMTC. ..................34 
Figure 3-3: Illustration of the procedure for locating MSPs................................37 
Figure 3-4: Study site in the Brazilian Atlantic forest, showing conservation units in 
São Paulo State. ................................................................................41 
Figure 3-5:  Influence of landscape patchiness on the number and location of 
dispersal routes. Landscapes become “patchier” as ß values increase. 
 ...........................................................................................................44 
Figure 3-6:  CMTC grids for the corridor connecting conservation units in São Paulo, 
Brazil.................................................................................................45 
 xiii
Figure 3-7:  Location of the first 100 least-cost paths connecting conservation units 
in São Paulo, Brazil...........................................................................46 
Figure 3-8:  Location of the first 100 least-cost paths connecting conservation units 
in São Paulo, Brazil...........................................................................47 
Figure 4-1:  Location of primate census studies carried out in the Brazilian Atlantic 
forest. The statistical analyses presented here focus on the southeast 
region, composed of the states of Minas Gerais, São Paulo, Rio de 
Janeiro, and Espírito Santo. ..............................................................60 
Figure 4-2:  Map of predicted densities of muriquis (Brachyteles spp.) in the 
Brazilian southeast. ...........................................................................72 
Figure 4-3:  Map of predicted densities of howler monkeys (Alouatta spp.) in the 
Brazilian southeast. ...........................................................................73 
Figure 4-4:  Map of predicted densities of capuchin monkeys (Cebus spp.) in the 
Brazilian southeast. ...........................................................................74 
Figure 4-5:  Map of predicted densities of titi monkeys (Callicebus spp.) in the 
Brazilian southeast. ...........................................................................75 
Figure 4-6:  Map of predicted densities of marmosets (Callithrix spp.) in the 
Brazilian southeast. ...........................................................................76 
 
 1
Chapter 1: What is a patch? Reflections on measures of landscape 
pattern 
PATTERN AND SCALE 
Across all biological disciplines, the development of tools to better characterize 
pattern is critical to understanding process. In developmental biology, researchers 
investigate how patterns of tissue organization result from biochemical pathways and 
rates of gene expression. In evolutionary biology, the speciation process gives rise to the 
tree-like pattern representing historical relationships among organisms. Landscape 
ecology is defined as the study of the relation between pattern and process (Wiens et al. 
1993). Still, progress needs to be made to operationalize the process of filtering relevant 
patterns. In this dissertation, I focus on patterns of landscape connectivity and 
fragmentation. I propose that traditional approaches to measure pattern are not always 
useful to infer process. Thus existing methods are modified in order to isolate patterns 
that are relevant for a particular organism given its natural history traits such as dispersal 
ability, habitat preferences, and foraging behavior.  
 The Theory of Island Biogeography (MacArthur and Wilson 1967) states that 
biodiversity at a given island is a function of its area and proximity to mainland.  Beyond 
the study of insular communities, the Theory provided a framework to quantify the 
influence of habitat configuration patterns on biodiversity.  More recently, availability of 
GIS and remote sensing tools have enabled ecologists to measure environmental 
conditions at very large scales. Moving from single-plot studies, ecologists are 
increasingly aware that populations and communities are open systems that can be highly 
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influenced by landscape connectivity (Taylor et al. 1993). The absence of well-defined 
habitat islands has not precluded ecologists from applying the ideas of island 
biogeography to terrestrial ecosystems. The solution was to define discrete habitat units 
analogous to islands, or “patches” (Wiens 1976). Using this definition, “local” processes 
operate within the patch, and “regional” processes operate outside the patch. I call this 
procedure the “patch approach”. 
 The problem with the patch approach is that the same area can be perceived as 
one or several patches, depending on the process and the organism under study. 
Considering the process of foraging, a butterfly finds many foraging patches within a 
forest tract, whereas a jaguar sees a collection of forest tracts as a single foraging patch. 
This has motivated the concept of ecological neighborhoods (Addicott 1987, Wiens 
1989). The ecological neighborhood refers to an organism-centered procedure to measure 
environmental pattern. It is defined by an ecological process, a time scale over which the 
process occurs, and the organism's activity during that time interval (Addicott 1987). One 
of its main drivers is an organism’s dispersal ability. Due to the difficulty in obtaining 
detailed data on dispersal, the models presented here measure patterns at multiple scales 
reflecting potential ecological neighborhoods. Models can be subsequently validated with 
data that is more easily obtained than direct dispersal measures, namely capture success 
at different points in space. 
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MEASURES OF HABITAT COVER 
The objective of the second chapter is to quantify the effect of forest cover on 
frugivore bats inhabiting a fragmented forest in Mexico. Several community studies in 
the Neotropics have shown important differences in community richness and diversity 
stemming from habitat fragmentation (e.g., Cosson et al. 1999; Schulze et al. 2000, 
Estrada and Coates-Estrada 2002). This suggests that bat species have different 
sensitivities to habitat loss and fragmentation. However, researchers are rarely able to 
quantify how particular species respond to forest cover (but see Gorresen et al. 2005). 
This lack of scientific information can hinder the prioritization of species for 
conservation.  
Implementation of the patch approach might have prevented researchers from 
detecting significant relationships, for two main reasons. First, patches are not discrete 
“islands” in a sea of unsuitable habitat (e.g. Figure 1-1). The intervening habitat between 
patches can have trees, and patches can be connected by tree lines and riparian habitat. 
Second, what constitutes a foraging patch from a bat’s perspective is expected to be 
influenced by its diet, morphology, and flying behavior. To tackle this problem, I have 
employed scale-sensitive measures of forest cover that reflect potential ecological 





















The difficulties imposed by the patch approach can be illustrated by the recent 
work by Henry et al. (2007). The authors estimated abundance of the large fig eater, 
Artibeus jamaicensis in French Guiana. Forest patches were delimited by the authors and 
further classified into “continuous forest” or “fragments” according to size. Fragments 
were located less than 1 km from the continuous forest. Bats were more frequently found 
in the continuous forest, and this was taken to be evidence of sensitivity to fragmentation. 
However, sex ratio estimates and physiological measures indicated that the population 
was not under stress. The authors concluded that bat abundance was misleading as a 
measure of fragmentation. In fact, the method used to measure landscape pattern 
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produced misleading conclusions. The categories “continuous forest” and “fragment” 
reflect the bias of the researcher and not the amount of forest cover that was available to 
individuals Artibeus jamaicensis. The distance between capture points lied well within 
the home range of a single individual (> 1km; Morrison 1978a,b), thus individuals 
probably perceived all capture points in the study area as a single foraging patch. The fact 
that Artibeus jamaicensis was more frequently captured in the continuous forest is more 
likely to result from differences in habitat quality and the species’ preference for foraging 
in mature forest.  
 Chapter two results demonstrate the usefulness of a flexible, simple approach to 
measure landscape pattern: the grid approach. There are important differences from the 
patch-based approach (Table 1-1).  Pattern is measured at several scales, instead of using 
the dichotomy of “local” versus “regional”, or “fragment” versus “continuous forest”. As 
a result, there is no effort to quantify the separate contribution of patch area and 
connectivity (as in metapopulation models; Hanski 1994). Also, the grid approach 
produces hypotheses about the processes driving a species’ response to habitat cover. 
That is, the relationship between organism abundance and forest cover is strongest when 
the latter is measured at the scale species utilize the landscape. From a practical 
perspective, the grid approach uses a reproducible method to measure environmental 
pattern, whereas the patch approach relies on the researchers’ definition of discrete 
habitat units. Thus, I conclude that if grid maps of forest cover are available, the grid 
approach should be used to study the effects of habitat loss and connectivity on individual 
species.  
 6
 Using bats as a study system opens the possibility to find ecological traits that 
drive species’ sensitivity to forest fragmentation. Two main questions follow from 
chapter two’s work. First, which traits correlate with the scale at which species respond to 
forest cover? Candidate traits are body size, wing morphology, and diet – traits that 
collectively influence bats’ movement behavior (Aldridge and Rautenbach 1987). 
Second, does a small ecological neighborhood imply higher sensitivity to fragmentation? 
It is possible that traits influencing a species’ movement behavior also constrain their 
ability to cross open areas. The use of the grid approach should dramatically increase our 
ability to investigate these questions. 
THE EMERGENCE OF DISPERSAL CORRIDORS 
Chapter three looks at large-scale corridors in fragmented landscapes. The 
importance of corridors in conservation biology has been greatly emphasized over the last 
two decades (reviewed by Chetkiewicz et al. 2006). Researchers have asked whether 
corridors should be wide or narrow, representing potential habitat or merely conduits for 
dispersing organisms (Hess and Fischer 2001). Another important line of research 
investigates the role of corridors in maintaining ecosystem services (Tewksbury et al. 
2002). Less often asked is how corridors emerge in the first place, from the interaction 
between landscape structure and species’ traits.   
Following the patch approach, researchers traditionally classify the landscape into 
two categories: “habitat patches” and “matrix” (Figure 1-2). Although habitat patches are 
usually defined based on minimum area, there might be qualitative differences between 
“patch” and “matrix” habitat. That is, the matrix is primarily used for dispersal, and thus 
organisms should use a straight-line route when moving in this habitat. Natural 
landscapes are likely to display a continuum between “patch” and “matrix” habitat. To 
incorporate this fact, I construct artificial landscapes where the spatial distribution of 
suitable habitat ranges from random to clumped. Using a graph-theoretical approach, I 
formalize the above ideas and show that when the distribution of suitable habitat is 
random (matrix-like), corridors are composed of several straight-line routes. On the other 
hand, when the distribution of suitable habitat is clumped (patch-like), corridors deviate 
from straight-line routes and closely follow areas of suitable habitat. 
 

















Grids have been widely used to model animal dispersal. For example, researchers 
have studied the influence of landscape fractal dimension on movement patterns (With et 
al. 1999). The approach presented here is novel in its use of grids to characterize potential 
corridors. I introduce two corridor characteristics: heterogeneity and redundancy. 
Corridors are heterogeneous because they are composed of dispersal routes with different 
quality. Furthermore, the spatial distribution of dispersal routes determines whether 
corridors are more or less redundant. Redundant corridors contain many disjoint dispersal 
routes, whereas non-redundant corridors contain close dispersal routes, or dispersal routes 
that merge forming bottlenecks (Figure 1-3). 
 
Figure 1-3:  Example of a corridor connecting two protected areas (gray polygons). The 
corridor contains two dispersal routes (dark areas) that join forming dispersal bottlenecks. 










The grid-based method used in chapter three translates data on species’ habitat 
preferences into large-scale depictions of connectivity. Results show multiple dispersal 
routes that can represent alternative management strategies. And as with chapter two, 




GRID-BASED APPROACHES IN ECOLOGICAL NICHE MODELING 
The objective of the last chapter is to study the correlates of density of five 
primate species inhabiting a highly fragmented landscape in Brazil. One main challenge 
of ecological niche modeling is to define the candidate variables that potentially explain 
observed patterns. In disturbed landscapes, populations are expected to be affected by the 
anthropogenic context – the economy and the degree of urbanization in the cities 
containing study sites. However, most attempts to model abundance in disturbance 
landscapes include data on environmental conditions only.   
GIS offer tools to measure variables acting at a study site, or within a given 
distance from the study site. For example, using road maps and census of human 
populations, I have estimated the number of people that could travel to study sites via 
roads in a particular time interval.  However while census studies are carried out at the 
local level, data are usually reported for individual “patches”. That is, density data and 
environmental data are averaged for particular protection areas or forest fragments. This 
imposes two main limitations on ecological niche modeling: (i) it increases measurement 
error and (ii) it reduces our ability to make prediction. This is because measures of patch 
properties rely on the researcher’s method to define patches, an issue that has been 
discussed in the previous sections. Still, the lack of synthetic studies in Neotropical 
ecosystems raises the need to make the most of existing data.  
Here, I have used a grid-based approach to perform ecological niche modeling. 
To decrease measurement error, I located census trails whenever possible. Furthermore, 
both models and prediction were built on a grid where each pixel contains information on 
local environmental conditions, as well as social and economic indicators. Compared to 
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the patch approach, this procedure has greatly increased model accuracy. This was 
expected since protected areas traditionally defined as “patches” are rather large (> 40 
km2). Within-patch variation in environmental conditions (e.g., slope and elevation) can 
be comparable to between-patch variation, thus aggregating data at the patch level leads 
to loss of information. In addition, the analysis has revealed that primate species display 
different responses to the anthropogenic context. For example, density was sometimes 
higher in urban zones, and sometimes higher in rural areas.   
MOVING TO GRID-BASED MEASURES OF LANDSCAPE PATTERN 
This dissertation illustrates situations in which measuring pattern is critical for 
understanding process.  Although researchers recognize that forest fragments are not 
islands, the patch approach is rarely questioned. The results shown here emphasize that 
the grid approach can provide better insight on the biological processes leading to 
species’ abundance and movement patterns. What’s more, informative results are more 
likely to be obtained when pattern is measured at multiple scales. In the context of 
fragmentation studies, the scale at which species respond to forest cover may shed light 








Table 1-1: Summary of differences between patch and grid approaches to describe 
landscape pattern.  
Patch approach Grid approach 
Use arbitrary minimum area to define a 
patch. 
Patches emerge when the spatial 
distribution of suitable habitat creates 
clumps that meet a species’ ecological 
neighborhood. 
“Habitat Patches” versus “Matrix” 
dichotomy. 
“Random” to “Clumped” habitat 
distribution, with all frequencies in 
between.  
Abundance data averaged within 
patches. 
Report data and coordinates of each 
sampling site. 
Habitat cover defined in terms of   
“fragment” vs. “continuous forest”. 
Calculate the amount of forest at varying 
distances from the sampling site.   
Habitat quality averaged for the entire 
patch.  
Measure environmental conditions at 
varying distances from the sampling site. 
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Chapter 2:  Scale-dependent Responses to Forest Cover Displayed by 
Frugivore Bats 
ABSTRACT 
Despite vast evidence of species turnover displayed by Neotropical bat 
communities in response to forest fragmentation, the exact shape of the relationship 
between fragment area and abundance for individual bat species is still unclear. Bats’ 
ample variation in diet, morphology, and movement behaviour can potentially influence 
species’ perception of the landscape. Thus, studies describing fragment area at a single 
spatial scale may fail to capture the amount of forest available from the perspective of 
individual bat species. In the present paper, we study the influence of forest cover on bats 
inhabiting a fragmented forest in Mexico, focusing on some of the most common 
frugivore species: Artibeus jamaicensis, Carollia spp. (Carollia brevicauda / Carollia 
perspicillata), and Sturnira spp. (Sturnira lilium / Sturnira ludovici). 
We quantified forest cover at scales ranging from 50 to 2000 meters, and 
measured the influence of forest cover on bat capture success, a surrogate for abundance. 
The three species displayed positive and significant scale-dependent associations with 
forest cover. Abundance of Artibeus jamaicensis increased with forest cover measured at 
scales ranging between 500 and 2000 m, while Carollia spp. responded more strongly to 
variation in forest cover measured at scales 100-500 m. For Sturnira spp., abundance was 
a function of presence of creeks near mist-netting sites, and amount of secondary forest 
present at a 200 m scale. The observed variation in responses to forest cover can be 
explained in light of interspecific differences in diet, home range, and body size. Our 
results illustrate a method for measuring the effect of forest fragmentation on mobile 
species and suggest that changes in abundance in fragmented landscapes emerge from the 
interaction between species’ traits and landscape structure. 
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INTRODUCTION 
Patchiness is a pervasive pattern in ecology that can be described at a range of 
spatial scales (Levin 1992; Keitt and Urban 2005). When foraging, individuals must 
adjust their movement behaviour according to the level of patchiness in resource 
distribution, and as a result species display adaptations pertaining to dispersal, sensory, 
and cognitive abilities that dictate their ecological neighbourhood (Addicott 1987; Wiens 
1989). Thus species differing in natural history traits are expected to respond to a distinct 
subset of scales in resource distribution. Vertebrate body mass is a good predictor of 
home range size (McNab 1963; Swihart et al. 1988; Minns 1995). For bats, the influence 
of body mass on movement and foraging behaviour has been extensively studied 
(Aldridge and Rautenbach 1987; Norberg and Rayner 1987). Nevertheless, the 
implications of these relationships for the study of species' response to habitat 
fragmentation has been little explored. Bat census studies in the Neotropics have revealed 
important differences in community diversity and composition between fragments and 
continuous forest (Cosson et al. 1999; Schulze et al. 2000, Estrada and Coates-Estrada 
2002; Pineda et al. 2005; Faria 2006; Montiel et al. 2006), but in contradiction few 
studies (Gorresen et al. 2005) have detected a significant effect of fragment area on the 
abundance of individual bat species. It is possible that, by measuring habitat availability 
at a single scale, most bat survey studies fail to take into account interspecific differences 
in ecological neighbourhood.  
We focus on species of frugivore bats (family Phyllostomidae) that are common 
throughout the Neotropics: Artibeus jamaicensis (Leach), Carollia brevicauda (Schinz), 
Carollia perspicillata (Linnaeus), Sturnira lilium (Geoffroy) and Sturnira ludovici 
(Anthony). The target species have similar uses of the vertical strata: they are considered 
gleaning species (Kalko et al. 1996) that fly in the understory and are frequently captured 
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using ground mist-nets (Bonaccorso 1979; Simmons and Voss 1998; Bernard 2001). 
However, there are important differences in the spatial distribution of their preferred food 
items. Artibeus jamaicensis consumes fruits from late-successional trees such as Ficus 
spp. (Morrison 1978a; Bonaccorso 1979). This preference for a food resource that has a 
scattered distribution is associated with a larger body mass and home range (Morrison 
1978a). On the other hand, species from the genus Carollia frequently feed on early-
successional plants such as Piper spp. (Heithaus and Fleming 1978; Marinho-Filho 
1991). Sturnira shows a preference for Solanum spp. fruits (Marinho-Filho 1991) and is 
commonly found in early-successional areas near creeks (Emmons and Feer 1997). This 
variation in resource distribution is likely to influence the scale at which species perceive 
the landscape, thus scale-sensitive measures of habitat availability are warranted when 
modeling the causes of variation in bat abundance. 
In this paper, we have modeled the relationship between bat capture success (a 
surrogate for abundance) and forest cover measured at several spatial scales in a tropical 
rainforest in Mexico. Here, the term “scale” is equal to focus, the scale at which grains 
are aggregated (sensu Scheiner et al. 2000), and “grain” refers to the standardized unit 
used to count the variable of interest (Scheiner et al. 2000) – in our case, “grains” are 
pixels from a satellite image that are classified as “forest”. In practice, scale is equated 
with the radius used to define the area over which forest cover is calculated. Our goal was 
to use a species-centered approach to quantify the responses to habitat loss displayed by 
individual bat species. 
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METHODS AND ANALYSES 
Field Site 
Field work was carried out between June and August 2005 in the region of Los 
Tuxtlas  (Figure 2-1) in the municipality of San Andres Tuxtla, Veracruz, Mexico (18°25' 
N , 95°00' W), a region harbouring the northern limit of lowland Neotropical rainforest. 
The mean temperature ranges from 24 to 26 °C and annual precipitation ranges between 
3000 and 4500 mm (Soto and Gama 1997). Bat sampling was performed in privately-
owned farms located in the “Los Tuxtlas” Biosphere reserve, in an area adjacent to a 
3500-ha forest that includes the Biological Field Station Los Tuxtlas of the University of 
Mexico (UNAM). 
 
Bat Species and Mist-netting 
The bat species used in the present study are abundant in Los Tuxtlas. Individuals 
have been captured in continuous forest as well as in fragments (Estrada and Coates-
Estrada 2002) and represent important seed dispersers in this ecosystem (Galindo-
Gonzalez et al. 2000). The mean body size in grams is 46.1 for Artibeus jamaicensis, 19.5 
for Carollia perspicillata, 18.5 for Carollia brevicauda, 17.6 for Sturnira lilium, and 23.2 
for Sturnira ludovici (Estrada and Coates-Estrada 2002). Due to difficulty identifying 
individuals, we have pooled data for sister species and will therefore report results for 
Carollia spp. and Sturnira spp. 
We captured bats in 9 sites (F1 – F9; Figure 1-1) using mist-nets. Each site was 
sampled for 2 consecutive nights, starting 15 minutes after sunset and lasting 5 hours. 
Two 2 x 12m mist nets (ATX, Association of Field Ornithologists, MA, USA) were  
 
Figure 2-1: Study site in Los Tuxtlas, Mexico, showing the nine sampling points labeled 

























placed 3-5 m apart and within 25 m of the border of a forest fragment and along a trail. In 
4 fragments, mist-netting was performed within 20 m of a creek. Sampling was 
interrupted in nights of full moon (due to bat lunar phobia) and during heavy rain. Each 
individual was identified to species and we determined its sex, age (adult or juvenile), 
and if female we assessed its reproductive status (pregnant, lactating or non-
reproductive). Individuals were also weighed to the nearest 0.5 gram. Bat capture success 
for each site was calculated as the number of captured individuals divided by the number 
of net-hours, the number of open nets times the number of hours nets were open. 
 
Analyses 
The study site was characterized using a SPOT 3 satellite image taken in 2005 
containing 3 spectral bands and 20 m spatial resolution. We performed unsupervised 
classification using the method ISOCLUSTER from Idrisi (Clark Labs, MA, USA) and 
the resulting distribution of land cover classes was consistent with aerial photographs of 
the study area. This classified image was further processed to produce a map with three 
land cover classes: (1) primary forest, (2) secondary forest, and (3) “other”, including 
urban areas, crop plantations, pastures, and water (Figure 2-1). 
Forest cover around all sampling sites was quantified by defining several circles, 
each one centered where mist nets were located (Figure 2-1) and with radii ranging from 
50-2000 m (inclusive) at intervals of 50 m. For each radius, we calculated the number of 
20 m x 20 m pixels classified as “forest” inside each of those circles. Three forest cover 
values were produced for each scale: primary forest, secondary forest, and primary + 
secondary. These quantities represent the amount of potential bat habitat associated with 
spatial scales ranging from 50 m to 2000 m. Besides forest successional stage, one 
important difference among fragments was the presence of creeks near mist-netting sites. 
 19
Thus, another predictor variable of bat abundance was “creek presence”, with possible 
values 0 (absent) and 1 (present). 
We used linear regression to model the relationship between capture success and 
forest cover, performing one regression for each spatial scale and each forest successional 
type. Values of R squared and P were computed for each regression, and slope estimates 
were inspected in order to determine whether bat abundance had a positive or negative 
relationship with forest cover. The scale for which the largest value of R squared was 
found was taken as the scale at which species displayed the strongest response to forest 
cover (Figure 2-2). 
 The importance of spatial autocorrelation was assessed using Mantel’s 
permutation test (Mantel 1967). Regression residuals were spatially correlated for 
Artibeus jamaicensis (Mantel test, P < 0.05), thus for this species we employed a 
conditional autoregression (CAR, Cressie 1993). CAR is a linear model that partitions the 
response variable into trend (the spatially-independent component), signal (the spatial 
component), and noise, taking into account the proximity between sampling points. In 
this case, we report the log likelihood as the estimate of model fit, and p-values 
associated with the slope of the trend term. In all regressions, we used a significance level 
of 0.05. The language R (R Development Core Team 2008) was employed to measure 











Figure 2-2: Schematic example showing the procedure to measure scale-dependent 
associations with forest cover. (A) Four mist-netting sites are shown on the map (F1-F4). 
For each site, forest cover is measured at increasingly larger scales, labeled as S1, S2, and 
S3. (B) One linear regression “bat capture success x forest cover” is performed at each 
scale. The fit of the regression (R squared or Log likelihood) is computed. (C) Plots of 
scale x regression fit may show a peak representing the scale at which the species display 





















































Captures totaled 135 for Carollia spp., 71 for Artibeus jamaicensis, and 143 for 
Sturnira spp.. The number of net hours per site ranged from 13 to 19 (mean = 16.25). A 
positive and significant relationship between forest cover and capture success was found 
for all three groups, however species responded differently to forest successional stages 
and scale of measurement of forest cover. Adding the variable “creek presence” did not 
have a substantial impact on the fit of the models for Carollia spp. or Artibeus 
jamaicensis, thus this variable was only used to model abundance of Sturnira spp.. 
We obtained one significant model for Sturnira spp. relating abundance to the 
presence of a creek near mist-netting sites, and amount of secondary forest measured at a 
200 m scale (R2 = 0.64; P = 0.044; Figure 2-3a). The species Carollia spp. responded to 
small-scale variation in forest cover (Figure 2-3b). A stronger relationship between 
abundance and forest cover was obtained when successional stages were aggregated 
(primary + secondary forest) and at scales ranging between 100 and 500 m (inclusive). In 
the regression for Artibeus jamaicensis, we removed one point consisting of a site (F1) 
where the netting was performed adjacent to a day roost. A. jamaicensis displayed a 
positive relationship with both primary and secondary forest (Figure 2-3c). Differently 
from Sturnira spp. and Carollia spp., A. jamaicensis responded to large-scale variation in 
forest cover (450 – 2000 m; Figure 2-3c). In addition, A. jamaicensis was differentially  
influenced by primary and secondary forest. The strongest correlation between bat 
capture success and forest cover was observed when primary forest was measured at a 




Figure 2-3: Variation in regression fit from models relating forest cover and bat 
abundance. (A) Sturnira spp., (B) Carollia spp., (C) Artibeus jamaicensis. Closed squares 




























































We have studied responses to forest cover displayed by three common bat genera 
in a tropical fragmented landscape in Los Tuxtlas, Mexico. In agreement with studies 
performed in a subtropical forest (Gorresen et al. 2005), bats displayed scale-dependent 
responses to forest cover. Abundance for Carollia spp. and Sturnira spp. was a function 
of small-scale variation in forest cover (Figures 2-3a, 2-3b), while abundance measured 
for Artibeus jamaicensis was largely a function of large-scale variation in forest cover 
(Figure 2-3c).  Sturnira spp. responded to a very narrow range of spatial scales (Figure 2-
3a). For this species, local conditions were as important as the distribution of forested 
areas in predicting abundance patterns: significant models were obtained only after taking 
into account the presence of creeks near mist-netting sites. 
Frugivore bats do not present a single spatial scale of movement. Fine-scale 
movements include daily commuting from a day roost to a feeding area and movement 
between feeding areas and night roosts (Emmons and Feer 1997). Bats also perform 
large-scale movements, including exploratory flights and roost changes (Heithaus and 
Fleming 1978; Bernard and Fenton 2003). Due to the small temporal scale of our study, it 
is reasonable to expect our results to reflect differences in fine-scale movements that 
occur daily than occasional exploratory flights and roost changes. In fact, results for 
Carollia spp. and Artibeus spp. are consistent with differences in commuting distances. 
In Los Tuxtlas, female A. jamaicensis have been observed to fly an average of 8 Km 
between day roosts and feeding areas (Morrison 1978b), whereas radio tracking studies in 
Costa Rica estimate an average distance of 0.81 Km between day roosts and feeding 
areas for Carollia perspicillata (Heithaus and Fleming 1978). 
When quantifying forest cover, we produced separate estimates for primary and 
secondary forest. In general, abundance for Carollia spp. increased with estimates of 
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forest cover that aggregated both successional stages (Figure 2-3a). One possible 
interpretation of this result is that the combination of primary and secondary forests 
forms a more continuous habitat than either classes alone (Figure 2-1), and habitat 
connectivity is more important than successional stage for this species. Abundance of 
Sturnira spp. increased only with amount of secondary forest (Figure 2-3b), which 
reflects its preference for shrubs that grow in early-successional habitats. Abundance of 
A. jamaicensis increased significantly with both primary and secondary forest (Figure 2-
3c). This confirms this species' status as a habitat generalist (Bonaccorso 1979). Working 
with bat communities in Barro Colorado Island, Kalko et al. (1996) placed Neotropical 
frugivore bats in the “highly cluttered frugivore” foraging guild, while obstacle course 
experiments suggest that A. jamaicensis is less efficient in negotiating obstacles in highly 
cluttered habitats (Stockwell 2001). In many disturbed areas such as Los Tuxtlas, the 
availability of trails that can be used as flyways may facilitate or enable the use of 
secondary forest by A. jamaicensis. 
Changes in bat communities due to forest fragmentation have been widely 
documented in the Neotropics (Cosson et al. 1999; Schulze et al. 2000; Estrada and 
Coates-Estrada 2002; Pineda et al. 2005; Faria 2006; Montiel et al. 2006). But researchers 
employing single-scaled measures of fragment area have been unable to detect a 
significant effect of habitat loss on bat abundance (Faria 2006). Using a scale-dependent 
measure of forest cover has enabled us to predict a large amount of variation in bat 
abundance (> 70% for Carollia spp. and > 60% for Sturnira spp.; Figures 2-3a-b).  These 
results support the assertion that grid-based indices are well-suited to study mobile 
species – particularly central-place foragers – that inhabit complex landscapes where 
habitat patches are difficult to define (Kremen et al. 2004; Winfree et al. 2005). From a 
practical perspective, the approach exemplified here facilitates among-site comparisons, 
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because the task of delineating fragments brings some subjectivity to analyses. We 
deliberately employed a simple measure of habitat availability which might not be 
appropriated for less common, specialist bat species. One possible modification of the 
metric used here is to weight each habitat pixel by its estimated quality (Betts et al. 2006) 
or by the relative cost to reach it given a movement model (Verbeylen et al. 2003; 
Drielsma et al. 2007). 
Our results illustrate a simple approach for quantifying the effects of habitat 
fragmentation on mobile species. From a conservation perspective, the species' 
differential responses to landscape structure observed here may be one of the mechanisms 
underlying community turnover in fragmented landscapes, a pattern that has been 
demonstrated for vertebrates and invertebrates in the Amazon (Laurance et al. 2002). 
Studies with larger number of species and feeding guilds should elucidate whether body 
mass, diet, and other traits that correlate with movement behavior are in general 
correlated with bats' responses to landscape structure. 
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Chapter 3:  Beyond the Least-cost Path: Two Graph Theory Methods 
that Assess Corridor Redundancy 
ABSTRACT 
The impact of the landscape matrix on patterns of animal movement and 
population dynamics has been widely recognized by ecologists. However, few tools are 
available to model the matrix’s influence on the length, relative quality, and redundancy 
of dispersal routes connecting habitat patches. Many GIS software packages can use land 
use / land cover maps to identify the route of least resistance between two points – the 
least-cost path. The limitation of this type of analysis is that a single path is identified, 
even though alternative paths with comparable costs might exist. Finding these routes 
would be of great practical value for studies of animal movement, as well as for 
conservation initiatives. In this paper, we implemented two graph theory methods that 
extend the least-cost path approach: the Conditional Minimum Transit Cost (CMTC) and 
the Multiple Shortest Paths (MSPs) tool. Both methods enable the visualization of 
multiple dispersal routes that together, are assumed to form a corridor. Using artificial 
landscapes, we show that corridors containing alternative dispersal routes emerge when 
good habitat is randomly distributed in space. As patches of favorable habitat start 
forming, corridors become narrower and less redundant. In addition, we explored the 
effect of small, localized disturbance on dispersal routes linking conservation units in the 
Brazilian Atlantic forest. Simulated habitat destruction led to the appearance of 
alternative dispersal routes, or caused existing dispersal routes to become narrower. The 
extension of the least-cost path approach enables researchers to visualize redundant 
dispersal routes and areas acting as dispersal bottlenecks, as well as calculate confidence 
intervals on the estimated length and cost of least-cost paths. 
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INTRODUCTION 
The landscape matrix can play a fundamental role in shaping animal movement 
patterns. Ecological models that specify the effect of matrix heterogeneity on movement 
rates can more successfully predict patch occupancy (Ricketts 2001; Verbeylen et al. 
2003), metapopulation dynamics (Vandermeer and Carvajal 2001), and gene flow 
(Stevens et al. 2006). Population persistence in fragmented landscapes is also influenced 
by organisms’ tolerance of the matrix (Laurance et al. 2002). Furthermore, the role of 
behavior and natural history in shaping species’ responses to the matrix has motivated the 
concept of functional connectivity (Calabrese and Fagan 2004). While many field studies 
have described the influence of different land cover types in channeling or repelling 
movement of particular species (e.g., Burel 1996; Lees and Peres in press), few tools are 
available to integrate data on matrix heterogeneity and species’ habitat preferences to 
model the length, relative quality, and redundancy of large-scale dispersal routes. 
When attempting to predict dispersal routes, one is faced with the constellation of 
models used to study movement in nature (reviewed in Turchin 1998). Here, we employ a 
movement model that assumes successfully dispersing organisms are more likely to use 
the route of least resistance when moving between two points, or the least-cost path. 
Despite its simplifying assumptions, the least-cost path has been used to predict patch 
occupancy (Chardon et al. 2003; Verbeylen et al. 2003) and inter-patch movement rates 
(Sutcliffe et al. 2003). The least-cost path is identified using a graph theory algorithm, 
Dijkstra’s breadth-first search (Cormen et al. 2001). Many GIS software packages have 
functions to locate the least-cost path between two points. Usually, the input is a grid map 
of values that represent the relative cost to cross each cell in any direction. Although only 
one path is obtained, Dijkstra’s algorithm can be easily modified to output multiple paths 
with similar costs. 
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Ecologists and managers would greatly benefit from the ability to identify 
multiple dispersal routes linking habitat patches. There is evidence that dispersing 
organisms use better than random routes, but not necessarily the best route (Driezen et al. 
2007), and connectivity measures focusing on optimum paths fail to incorporate variation 
in individual behavior (Belisle 2005). From a management perspective, least-cost paths 
have been employed in the design of linked reserve systems (Hoctor et al. 2000; Schadt et 
al. 2002; Larkin et al. 2004). This approach, however, can lead to very narrow linkages 
(Alagador and Cerdeira 2007) that might not be located in land tracts available for 
purchase. Also, similar landscape elements may differ in their potential to channel 
dispersing organisms. For example, field studies in Canada (Clevenger et al. 2001) show 
that drainage culverts can act as habitat linkages for several mammal species, but culverts 
near roads with higher traffic volume and noise level are less commonly used. 
We employ two graph theory methods based on Dijkstra’s breadth-first search 
algorithm (see Methods), that can identify multiple dispersal routes with similar costs to 
the least-cost path. We propose that corridors can contain multiple dispersal routes. 
However, we do not advocate a method for designing corridors (including few or many 
dispersal routes), neither do we attempt to quantify corridors’ role in conserving 
biodiversity. Rather, our main objective is to extend the least-cost path approach and be 
able to produce (i) maps depicting alternative dispersal routes and dispersal bottlenecks, 
(ii) confidence estimates on the length and cost of least-cost paths. Results were 
generalized using artificial landscapes. More specifically, we investigated the influence 
of matrix heterogeneity on the number and spatial distribution of dispersal routes. In 
addition, our method was illustrated with data from the Brazilian Atlantic forest, a highly 
fragmented ecosystem located in Brazil’s most developed region (Morellato and Haddad 
2000). The objective was to explore the effect of habitat loss on corridors linking 
conservation units. Last, we discussed how our approach can be refined and be 
incorporated in animal movement studies and conservation initiatives. 
 
METHODS AND ANALYSES 
The Landscape Graph 
In this section, we describe the approach that is routinely employed to perform 
any type of distance calculations on grids. Most GIS software packages use graphs 
(Urban and Keitt 2001) to represent grid maps. Graphs are composed of vertices (V) that 
are placed on cell centers, and edges (E) that connect each vertex to its eight nearest 
neighbors (Figure 3-1).  
 
Figure 3-1: The landscape graph. In most software packages, grid maps are internally 
represented as a graph. Vertices (V) are located in cell centers. Each vertex is connected 
to its eight nearest neighbors by an edge (E). Edge weights (not shown) hold information 
















Using this representation, we can define two cost grids: 
(a) Relative cost grid (Figures 3-2a, 3-3a), also referred to as a friction layer 
(Verbeylen et al. 2003). Each vertex contains the relative cost to cross it in any 
direction.   
(b) Cumulative cost grid (Figures 3-2b, 3-3b). Consider a source (S) composed of one 
or more vertices. Each vertex in the cumulative cost grid contains the minimum 
cumulative cost to reach S. This is calculated in two steps: first, the cost to move 
between pairs of vertices is stored as edge weights. The weight W for an edge 
connecting vertices V1 and V2 is calculated as: 
W = (Relative Cost (V1) + Relative Cost (V2) ) / 2                                            (1)                               
For diagonal edges, edge weights W’ are calculated as: 
W' = W * √2                                                                                                          (2) 
Second, Dijkstra’s breadth-first search algorithm (Cormen et al. 2001) is used to find the 
least-cost path between S and each vertex in the graph. The minimum cumulative cost 
between S and a given vertex (V) is the sum of all edge weights in the least-cost path 
connecting S and V. The least-cost path between two habitat patches P1 and P2 is 
calculated by assuming that S = P1 and V = the vertex in P2 that is closest to P1. 
In the next two sections, we build on the above representation and describe two 
methods that extend Dijkstra’s breadth-first search algorithm. 
 
Conditional Minimal Transit Cost (CMTC) 
Consider a vertex (V) located between groups of source vertices (S) target 
vertices (T). The Conditional Minimum Transit Cost (CMTC) for V is the cost-weighted 
distance to move from S to T, conditional on the route forming the shortest passage 
between S and T while passing through V.  It is calculated as (Figure 3-2): 
CMTC (V, S, T) = Cumulative cost (V, S) + Cumulative cost (V, T)                  (3) 
 
Figure 3-2: Illustration of the procedure for calculating the CMTC. (A) Relative cost 
grid. (B) The cumulative cost grid for the target (left) and the source (right). Lighter 
shades indicate lower cumulative cost. (C) The two grids from (B) are added to produce 























By visually inspecting the CMTC grid (Figure 3-2c), one can identify stretches of 
contiguous cells with low CMTC value. We refer to these cell groups as “dispersal 
routes”, while recognizing that the distinction between routes that are close together is 
arbitrary. The least-cost path is invariably located within one dispersal route. 
The final CMTC grid was obtained by masking out all cells with CMTC values 
larger than the minimum CMTC value plus 10% (Figure 3-2c). The remaining values 
were then divided by the grid’s maximum CMTC. In practice, obtaining a CMTC grid is 
straightforward with modules such as Spatial Analyst within ArcGIS (Esri, California). 
Some conservation biologists strongly advocate the CMTC approach for designing 
wildlife corridors (www.corridordesign.org), but we were not able to find examples of its 
application. Also, the relationship between spatial autocorrelation in habitat quality and 
the distribution of dispersal routes as predicted by the CMTC has not yet been explored 
(see below: Applications to artificial landscapes). We assumed that dispersal routes 
within the 10% threshold form a corridor, but emphasize that our choice of corridor width 
was arbitrary. 
 
Multiple Shortest Paths (MSPs) 
We wrote a stochastic version of Dijkstra’s algorithm (Figure 3-4) that outputs 
multiple realizations of the least-cost path, or Multiple Shortest Paths (MSPs). As 
described above, the least-cost path is obtained from a relative cost grid. Relative costs 
(Figure 3-3a) were allowed to vary between 0 (lowest cost) and 1 (highest cost). 
Dijkstra’s breadth-first search algorithm (Cormen et al. 2001) proceeds by iteratively 
marking vertices in the order of their cumulative distance from the source. At each step, 
the algorithm must identify the set of neighbors associated with each marked vertex. 
Instead of finding all eight neighbors, we wrote a probabilistic function as follows 
(Figure 3-3): 
(i) Draw a number (U) between 0 and 1 from a random uniform distribution. 
(ii) Delete edges in the graph. An edge with weight W connecting two adjacent 
vertices V1 and V2 is deleted if W > U. That is, connections with lower cost 
were more likely to be maintained.  
A program implementing Dijktra’s algorithm (with the above modification) was 
run 100 times in order to produce 100 least-cost paths for each study case (Figure 3-3c 
shows one path). The programs used to obtain both CMTCs and MSPs were written in 
the Java programming language.  
 
Applications to Artificial Landscapes 
We generated five 256 x 256 artificial relative cost grids with different patterns of 
autocorrelation in cost values. The dominant scale of variation in cost values was 
manipulated using wavelet transforms (Mallat 1989). We started with a grid containing 
values between 0-1, drawn from a random uniform distribution. Using this grid, each 
landscape was created in four steps: (a) apply the discrete Haar wavelet transform; (b) 
obtain wavelet coefficients; (c) multiply coefficients by 2 ^ (L* ß), where L is the 
coefficient level; (d) apply the inverse Haar wavelet transform on the modified 
coefficients.                                                                                                                  
The values of the parameter ß were 0, 0.25, 0.50, 0.75, and 1. A ß value of zero 
generates a surface with white noise. As ß increases, patches of favorable habitat start 
forming. The program for generating artificial landscapes was written in R (R Core 
Development Team 2008) using functions from the package “waveslim”. We calculated 
the CMTC and MSPs for all five artificial landscapes. 
 36
Figure 3-3: Illustration of the procedure for locating MSPs. (A) Relative cost grid. (B) 
Cumulative cost grid for the source. Lighter shades indicate lower cumulative cost. This 
was calculated after rebuilding the graph that represents the landscape. (C) With the 
cumulative cost grid, we trace the least-cost path between source and target. (B) and (C) 






















Applications to Real Landscapes 
We studied a real landscape (Figure 3-4) that covers 111 km2 of the Brazilian 
state of São Paulo (upper left coordinates: 23.60S, 49.00W; lower right coordinates: 
25.40S, 46.20W). Remaining forests are part of the Atlantic forest biome (for a 
description, see Oliveira-Filho and Fontes, 2000). Despite its location in highly 
industrialized São Paulo state, the study area still contains large forest tracts and rural 
properties. A recent vegetation map (Eva et al. 2002) estimates that 11.1% of the study 
area is devoted to intensive agriculture, 7% contains a mix of agriculture and degraded 
vegetation, 23% is a mix of agriculture and degraded forest, and 46 % is covered with 
forest. Excluding São Paulo’s metropolitan area, human populations per municipality 
range in size from 3403 to 412243 (mean = 60410; IBGE 1991). Five conservation units 
are considered here: Pedro de Toledo Nucleus within Serra do Mar State Park (868 km2), 
Juréia-Itatins Ecological Reserve (801 km2), Jurupará State Park (259 km2), Jacupiranga 
State Park (1552 km2), and the contiguous units Intervales State Park, Carlos Botelho 
State Park, Ecological Station Xitué, and Alto do Ribeira Touristic State Park (1282 
km2), referred together here as “Paranapiacaba” due to their location along the 
Paranapiacaba Valley. Our analyses consist of modeling dispersal routes between all 
pairs of conservation units. 
Three land use / land cover maps were the main input for our analyses. 
(iii) The Modis Continous Fields, (Hansen et al. 2003) contains estimates of 
percent tree cover. Values were manipulated (Table 2-1) in order to obtain a 
grid with values ranging between 0 (= 100% tree cover) and 1 (= no tree 
cover). 
(iv) The Human Footprint Map (Sanderson et al. 2002) is a global dataset with 
estimates of anthropogenic impact ranging from 0 (pristine land) to 100 (most 
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disturbed land), normalized per ecosystem. These estimates were based on 
patterns of human population density, land use, and transportation networks. 
We divided original values by 100 (Table 2-1) to obtain a grid with values 
ranging from 0 (= pristine land) to 1 (= most disturbed land). 
(v) The South American Vegetation Map (SAVM; Eva et al. 2002) contains 
information on forest distribution, degree of forest disturbance, and mixture 
with agricultural lands. We assigned each class in the SAVM grid (Table 2-1) 
a relative cost value ranging from 0 (= closed or dense forest) to 1 (intensive 
land use or non-forested ecosystems). 
The Footprint and SAVM grids were rescaled so as to bring their spatial 
resolution to 500 m. Two relative cost maps were produced by combining the three GIS 
layers described above (Table 3-1). The first relative cost map (C1; Figure 3-4a) was 
obtained by averaging the average of the values in the three grids described above 
(Footprint, Modis, and SAVM). As a result, we obtained a grid where cell values ranged 
from 0.057 (minimum relative cost to cross) to 1 (maximum relative cost to cross). The 
second cost map (C2; Figure 3-4b) simulated the removal of small forest fragments from 
C1. This was accomplished in three steps. First, we produced a binary map with areas 
classified as “forest” or “non-forest” based on the SAVM. This binary map was eroded 
and dilated by 0.5 pixel, resulting on the deletion of fragments with area < 5 ha and linear 
elements (such as riparian corridors) < 500 m wide. Last, C2 was obtained by assigning 
the maximum relative cost (1) to the deleted cells. All other cells contained the same 
values as C1, and the range of relative cost values for the entire grid remained unchanged 
(0.057 - 1). It was assumed that individuals could not move through water, thus a cost 
value of positive infinity was assigned to cells representing water bodies in both C1 and 
C2 scenarios. Finally, we calculated the CMTC and MSPs for both C1 and C2 scenarios. 
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All GIS layers were processed using programs written in Java programming language, 
and illustrations were produced in ArcMap (Esri, California). 
 
Table 3-1: Grids used to construct the relative cost maps used in the present study, their 
original spatial resolution (pixel size), period of data collection, and 
operations performed on original grid values.  
Layer Resolution 
(m) 
Years Operations performed on the 
original raster values 
South America Vegetation 
Map 
1000 1995 - 
2000 
0 = closed, dense, transitional forest 
0.25 = open forest 
0.5 = mosaic agriculture / degraded 
forest 
0.75 = shrubland, savannah, 
grassland 
1 = intensive agriculture, mosaic 
agriculture / degraded vegetation, 
desert, urban 
Human Footprint 1000 1960’s - 
2001 
Final value = 
 (Original Value) / 100 
Modis Continuous Fields,  
% tree 
500 2000 - 
2001 
Final value =  
(100 – Original Value) / 100 
 
 
Figure 3-4: Study site in the Brazilian Atlantic forest, showing conservation units in 
São Paulo State. (A) Relative cost values for scenario C1. (B) Relative cost values for 





























When applied to artificial landscapes, the two graph theory approaches proposed 
here outlined the influence of matrix heterogeneity on the spatial distribution of 
alternative dispersal routes (Figure 3-4). Landscapes with little autocorrelation in relative 
habitat quality produced redundant corridors with more alternative dispersal routes 
(Figure 3-5; ß closer to zero). As patches of favorable habitat started to form, corridors 
became restricted to fewer routes. This was evidenced in the outputs of both the CMTC 
and MSPs calculations (Figure 3-5; ß closer to one). 
We tested the influence of small, localized disturbance on corridors connecting 
five conservation units in the Brazilian Atlantic forest (Figures 3-4). Since small 
fragments were not homogeneously distributed in the study area, corridors obtained under 
the scenario C1 were differentially affected by simulated fragment removal in scenario 
C2 (Table 3-2). In most cases, the CMTC grid displayed more than one alternative route 
between conservation units, one of them being the least-cost path (Figures 3-6a-h). When 
conservation units were close, the distance between them was small with respect to the 
variation in their shape. In this case, the CMTC grid produced narrow corridors, 
coinciding with the links representing the shortest Euclidian distance (Figures 3-6 b, i, j). 
When corridors contained alternative routes, these were not always disjoint (Figure 3-6a). 
The constriction zones where dispersal routes merged represented potential dispersal 
bottlenecks (Figures 3-6c-h). In most cases, the location of the least-cost path did not 
change substantially as a result of small fragment removal (Figures 3-6a-c; e-g; i-j). But 
in two cases, the least-cost path for scenario C2 was displaced to an alternative route 
located a few kilometers away from the least-cost path for scenario C1 (Figures 3-6d, h). 
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Table 3-2: Conservation units included in the present study. Each unit in a pair can 
serve as a source or a target for dispersing organisms. The first line contains 
the straight-line distance between units (in kilometers), and the second line 
shows the percentage of 500-m2 cells deleted from the corridor as a result of 
simulating fragment removal. 
 Juréia Jacupiranga Jurupara Serra do Mar Paranapiacaba
































Figure 3-5:  Influence of landscape patchiness on the number and location of dispersal 
routes. Landscapes become “patchier” as ß values increase. (A) Artificially-generated 































Figure 3-6:  CMTC grids for the corridor connecting conservation units in São 



























The pairs are: (A) Jurupara-Juréia, (B) Jureia-Serra do Mar, (C) Juréia-
Paranapiacaba, (D) Jacupiranga-Jurupará, (E) Jacupiranga-Serra do Mar, (F) 
 45
Paranapiacaba-Serra do Mar, (G) Paranapiacaba-Jurupará, (H) Juréia-Jacupiranga, (I) 
Serra do Mar-Jurupará, (J) Paranapiacaba-Jacupiranga. Gray lines show the least-cost 
path. Solid lines represent least-cost paths obtained for scenarios C1 and C2, whereas 
interrupted lines represent sections of the least-cost path obtained for scenario C2 only. 
 
Figure 3-7:  Location of the first 100 least-cost paths connecting conservation units in 
São Paulo, Brazil. (A) Jacupiranga-Serra do Mar, scenario C1; (B) Jacupiranga-Serra do 
Mar, scenario C2; (C) Juréia-Paranapiacaba, scenario C1; (D) Juréia-Paranapiacaba, 
scenario C2; (E) Serra do Mar-Paranapiacaba, scenario C1; (F) Serra do Mar-



























Figure 3-8:  Location of the first 100 least-cost paths connecting conservation units in 
São Paulo, Brazil. (A) Serra do Mar-Jurupará, scenario C1; (B) Serra do Mar-Jurupará, 
scenario C2; (C) Paranapiacaba-Jacupiranga, scenario C1; (D) Paranapiacaba-






























Finally, we identified the Multiple Shortest Paths (MSPs) between pairs of 
conservation units. Compared to the CMTC calculation, this tool provided a better 
assessment of the impact of fragment removal on corridor redundancy. Examining the 
MSPs produced for the scenarios C1 and C2, we observed two trends. In some cases, 
fragment removal lead to the disappearance of external dispersal routes; corridors became 
narrower and less redundant (Figure 3-7). In other cases, new, more external routes 
emerged after fragment removal (Figure 3-8). However in all cases, we did not detect 
significant changes in the length or cost (Table 3-3) of the mean least-cost paths linking 
conservation units. 
Table 3-3: Mean and variance of the cost of least-cost path linking conservation units 
(divided by 1000), calculated using the Multiple Shortest Paths (MSPs) tool. 
For each pair, the top row shows results calculated before fragment deletion 
(scenario C1), and the bottom row shows results obtained after fragment 
deletion (scenario C2). 
 Juréia Jacupiranga Jurupará Serra do Mar Paranapiacaba
Juréia  6.9 ± 40.1 
6.8  ± 40.1 
3.6  ± 21.3 
3.6  ± 21.3 
0.78  ± 4.5 
0.78  ± 4.5 
3.7  ± 21.9 
3.7  ± 21.9 
Jacupiranga   13  ± 76 
13  ± 76.2 
 
14  ± 82.1 
14  ± 82 
0.79  ± 4.6 
0.79  ± 4.6 
Jurupará    0.74  ± 4.3 
0.74  ± 4.3 
4.2  ± 24.8 
4.2  ± 24.8 
Serra do Mar     5.2  ± 30.4 




We have extended the least-cost path approach by applying modifications to 
Dijkstra’s breadth-first search algorithm. Our first goal was to contribute to ecological 
studies that require estimates of inter-patch dispersal rates, and add confidence intervals 
to least-cost path estimates (e.g. Table 3-3). Our second goal was to contribute to 
management initiatives, by identifying structural features of the landscape that are 
functionally unique (Manning et al. 2006): narrow corridors with few dispersal routes or 
bottlenecks within corridors (e.g. Figure 3-5). 
Artificial landscapes were used to study the influence of matrix heterogeneity on 
the number and spatial distribution of dispersal routes. Our results show that redundant 
corridors with many alternative dispersal routes emerge when the distribution of good 
habitat is random. As patches of favorable habitat start forming, corridors become 
narrower and less redundant (Figure 3-5).  It is important to note that the results shown in 
Figure 3-5 can illustrate different landscapes, or the same landscape as perceived by 
different species. These results are relevant because despite the debate about whether 
corridors should be narrow or wide (reviewed by Chetkiewicz et al. 2006), few studies 
have attempted to predict how corridors with different characteristics can emerge in the 
landscape matrix. In addition to studying artificial landscapes, we illustrated our methods 
using data from a real landscape in the Brazilian Atlantic forest. With the exception of the 
pair Paranapiacaba-Jurupará that is separated by an artificial dam (Figure 2-6g), potential 
dispersal routes could not be predicted based on visual inspection of our land use / land 
cover maps. Rather, large-scale connectivity patterns emerged from local variation in 
habitat quality (Figures 3-6a-f, h-j). 
The importance of corridors in determining the persistence of natural populations 
has not yet been determined for the Brazilian Atlantic forest. But in general, our results 
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may be relevant for conservation initiatives that use the least-cost path to design reserve 
networks. One way to deal with the narrow links generated by the least-cost path is to 
aggregate additional habitat around this route (e.g. Hoctor et al. 2000). Our results 
suggest there are at least two alternative solutions: first, one can protect many disjoint 
routes with costs similar to the least-cost path. Second, one can locate multiple dispersal 
routes with costs similar to the least-cost path and from this list, select the optimum route 
based on other desirable characteristics (price of land, presence of good habitat in the 
surrounding areas, etc.). 
The CMTC and the MSP tools produced similar results (Figures 3-6, 3-7, 3-8), 
however the latter was more useful in detecting the effect of land cover changes on the 
distribution of individual dispersal routes. In both cases, results will depend on the 
researcher’s choice method to construct the relative cost grid, the threshold CMTC value 
used to delimit corridor width, and the number of least-cost paths used when calculating 
MSPs. We have built a relative cost map in an attempt to capture the behavior of species 
that move in forested areas and suffer higher mortality when crossing disturbed habitat. If 
this assumption is valid – individuals preferentially disperse in areas resembling their 
habitat – tools such as the Mahalonobis distance (Farber and Kadmon 2003) can be 
employed to produce relative cost maps for particular species. Also, the present analyses 
did not make any assumptions about the temporal scale of dispersal episodes. That is, we 
were not concerned with the time interval or number of generations that individuals (or 
populations) took to move between source and target fragments (conservation units). 
More realistic models can be obtained by adjusting the maximum Euclidian distance 
allowed between source and target fragments so as to match the maximum distance that 
can be crossed by a species given a particular time interval (Keitt et al. 1997). 
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Movement behavior is a key aspect in functional connectivity studies, but detailed 
data on animal movement remains hard to collect, especially for large spatial scales. In 
fact, the ability to produce accurate movement models has long been recognized as one of 
the main challenges of population biology studies (Turchin 1998). There is no consensus 
on the amount of biological detail that should be used in functional connectivity studies. 
It has been suggested that movement models ought to increase in complexity in order to 
capture the behavior of particular species (Goodwin 2003). At the same time, 
conservation biologists have raised the need for rigorous methods that predict the location 
of movement routes for many species (Boitani et al. 2007). Clearly a compromise is 
needed, which requires determining how much simplification can be made before losing 
predictive power. Least-cost path predictions can be derived for many species, given the 
ever growing maps of habitat quality produced by ecological niche modeling. Also, 
rigorous protocols already exist to compare least-cost predictions with field data (Driezen 
et al. 2007). 
Lastly, considerable attention has been given to quantifying the role played by 
agroecosystems in conservation (i.e., Bestelmeyer and Wiens 1996; Reitsma et al. 2001; 
Mas and Dietsch 2003). Agricultural lands can help support wild populations by 
providing critical habitat (Moguel and Toledo 1999) and influencing neighboring 
fragments, in which case potential outcomes depend on the spatial configuration and 
degree of mixture with pristine habitat (Perfecto and Vandermeer 2002; Perfecto et al. 
2003; Tscharntke et al. 2005). Our work shows that private lands can collectively 
influence ecological processes occurring at large spatial scales and supports the assertion 
that small fragments can potentially shape regional patterns of gene flow (Bodin et al. 
2005). This raises the necessity to view agricultural lands’ contribution to biodiversity in 
a larger context. 
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Chapter 4:  Primate Densities in the Atlantic Forest of Southeast Brazil: 
The Role of Habitat Quality and Anthropogenic Disturbance 
ABSTRACT 
In the present work, we focused on southeast Brazil’s Atlantic forest and studied 
five primate genera: Alouatta, Brachyteles, Callithrix, Callicebus, and Cebus. After data 
were compiled from census studies that used the line transect method, we applied 
regression trees in order to search for determinants of variation in primate density. Owing 
to its location in Brazil’s most developed region, the Atlantic forest is not only highly 
fragmented, but also embedded in a landscape matrix encompassing a wide range of land 
use types and social contexts. Thus, the independent variables used in the regression 
analyses included not only surrogates of forest type (e.g., climate) and fragment size, but 
also data on social indicators and estimates of accessibility derived from human 
movement models. For all genera, we found that density was strongly influenced by 
forest type, and not influenced by our accessibility estimates. Interestingly, genera 
differed in their responses to land use and social indicators, a result that emphasizes the 
importance of incorporating information on the landscape matrix when performing 
habitat suitability analyses. The regression models produced here were used to construct 
maps of predicted primate density for the Brazilian southeast. Overall, the maps for all 
genera showed high predicted primate densities for the inland semideciduous forests, 
where primary productivity is expected to be higher. Finally, we suggest that more 




Studies of variation in abundance within a species’ geographic range provide the 
connection between the disciplines of ecology and biogeography. Empirical studies of 
various taxonomic groups show that density for a given species is unevenly distributed in 
space, with few “hotspots” and many “coldspots”, where abundance is orders of 
magnitude lower (Brown et al. 1995). The typical explanation for this pattern is spatial 
variation in habitat suitability. In other words, variation in density is generated by how 
closely sites correspond to a species’ niche (Brown et al. 1995). The correspondence 
between primate density and habitat suitability can be investigated at several spatial 
scales (Wiens 1989; Levin 1992). For example, coarse-scale studies comparing densities 
of howler monkeys (Alouatta spp.) across the Neotropics have shown that howler density 
is largely a function of primary productivity (Peres 1997). Fine-scale studies comparing 
neighboring forest fragments have also reported variation in howler density, but in this 
case the pattern is frequently attributed to anthropogenic pressure (Hirsh et al. 1994; 
Cullen et al. 2001; Chiarello 2003; Martins 2005).  
In general, human impact on other primates can be direct via hunting, or indirect 
through habitat disturbance and fragmentation. But some species thrive in disturbed 
habitats (Chiarello 1993, 2003; Rylands et al. 1993; Strier 2000), which complicates the 
task of predicting changes in primate density across a gradient in land use. In the present 
chapter, we investigate the synergistic effects of environmental and anthropogenic factors 
on the density of five primate genera that inhabit the Atlantic forest of southeast Brazil. 
Our goal is not to produce distribution maps, but rather to: (i) synthesize available census 
information for the region; (ii) compare the genera’s responses to anthropogenic impact; 
and (iii) map areas of high predicted densities based on available data. In this section, we 
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introduce the reader to the Brazilian Atlantic forest, present the dataset used in the study, 
and describe the analytical tools used to study the determinants of primate density. 
 
The Primates at the Brazilian Atlantic Forest 
Studies in the Brazilian Atlantic forest provide an ideal opportunity to understand 
the interaction of direct anthropogenic factors and habitat quality on primate densities. 
This ecosystem is a biodiversity hotspot that occupies less than 8% of its original extent 
(Hirota 2003). Current studies estimate that 40% of the tree and shrub species in this 
ecosystem are endemic, as well as 22% of their bird and mammal species (Brooks et al. 
2000) – and many new species are still being discovered in the region every year (Alves 
et al. 2006; Donha and Eliasaro 2006; Pontes et al. 2006). Due to its extensive elevational 
and latitudinal ranges, the Atlantic forest is recognized as a domain that includes several 
vegetation types (Oliveira-Filho and Fontes 2000). Exploitation of Atlantic forest species 
did not start recently, as it has been suggested that hunting and forest clearing were 
already widespread when the first Portuguese arrived in 1500 (Dean 1996). However, the 
anthropogenic pressure was intensified with the Portuguese colonization, expansion of 
the agricultural frontier (Dean 1996; Câmara 2003), and later establishment of Brazilian 
industrial centers in the area, which currently has a population of more than 130 million 
people (IBGE 2000). As a result of the intense land use in eastern Brazil, the distribution 
of forest remnants is very distinct from the fishbone pattern observed in the Brazilian 
Amazon, in which vast forest tracts are interrupted by a network of roads and pipelines. 
Rather, the Atlantic forest landscape is now an archipelago with small forest fragments 
embedded in a human-dominated matrix containing pastures, plantations, cities, and 
roads. 
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Twenty-four primate species are known to live in the Brazilian Atlantic forest, 
twenty of which are endemic to this ecosystem (Hirsh et al. 2006). According to the most 
recent IUCN Mammal Red List (IUCN 2006), three species are vulnerable, four are 
endangered and eight are critically endangered (Table 3-1). While some primate 
populations in the Brazilian Amazon may be sustained via source-sink dynamics 
(Michalski and Peres 2005), these dynamics have never been documented for the Atlantic 
forest and are unlikely to be operating due to inter-fragment isolation and inhospitality of 
the matrix. Also, few fragments are large enough to sustain viable primate populations 
(Chiarello and Melo 2001; Bernardo and Galetti 2004; see also Marsden et al. 2005 for 
birds), and the extent to which existing conservation units are protecting primate 
populations against poaching remains unknown. 
 
Data for Primate Species in the Brazilian Atlantic Forest 
Data on primate abundance were compiled from a variety of sources including 
graduate theses, primary-literature publications, and grey-literature reports. In all cases, 
data were collected using line transect technique (Buckland et al. 2001). Values of 
population sizes were often calculated assuming no spatial variation in density within 
sites. Since this assumption is rarely met, we only show the number of viable populations 
(>500 individuals estimated) instead of attempting to calculate exact population sizes 
(Table 4-1). 
There are a number of limitations inherent in the type of data used in this study. 
First, line-transect census data are available for only eleven of the twenty-four primate 
species that inhabit this ecosystem. Also, studies are mostly restricted to the states of Sao 
Paulo, Espirito Santo and Minas Gerais (Figure 4-1), and intensive census studies are 
lacking for populations inhabiting states such as Parana, Santa Catarina, and northeast 
Brazil, where few forest fragments remain and some primate populations are believed to 
be on the brink of extinction, especially large-bodied species (Pontes et al. 2006). 
 
Figure 4-1:  Location of primate census studies carried out in the Brazilian Atlantic 
forest. The statistical analyses presented here focus on the southeast region, composed of 










Table 4-1:  Primate species inhabiting the Brazilian Atlantic forest, their conservation 
(IUCN) status, number of sites that have been censused using the line-
transect technique, and number of populations with 500 individuals or more. 
CE = Critically endangered, E = Endangered, V = Vulnerable. See 
Appendix I for references. * Recently described species (1 population). 
Species Status Census Sites      ≥ 500 
Alouatta clamitans CE 24 8 
Alouatta belzebul CE 0 - 
Brachyteles arachnoides E 9 3 
Brachyteles hypoxanthus CE 2 0 
Callicebus barbarabrownae CE 0 - 
Callicebus coimbrai CE 0 - 
Callicebus melanochir V 0 - 
Callicebus nigrifons - 3 1 
Callicebus personatus V 8 5 
Callithrix aurita V 4 1 
Callithrix flaviceps E 2 1 
Callithrix penicillata - 2 1 
Callithrix geoffoyi - 5 2 
Callithrix jacchus - 0 - 
Callithrix kuhlil † - 0 - 
Cebus queirozi       -* 0 - 
Cebus libidinosus - 0 - 
Cebus nigritus - 25 10 
Cebus xanthosternos CE 0 - 
Leontopithecus caissara CE 0 - 
Leontopithecus chrysomelas E 0 - 
Leotopithecus chrysopygus CE 5 1 
Leotopithecus rosalia E 0 - 
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Tools Used in the Present Study 
Our task faces two challenges in addition to data scarcity and non-homogeneous 
sampling across the ecosystem: first, dealing with non-linear relationships and 
correlations between the independent variables, and second, the fact that the influence of 
a given environmental correlate can manifest itself at unknown spatial scales – for 
example, it is not possible to determine beforehand the area of influence of a city and 
therefore its potential impact on neighboring forest fragments. In the present chapter, we 
will apply tools that can help deal with the difficulties cited above: geographic 
information systems (GIS) and regression trees. 
 
The Use of GIS in Conservation Studies 
The use of remote sensing and GIS has recently increased among biologists, 
because these tools facilitate the analysis of large-scale associations between landscape 
patterns and biological outcomes. In the present work, three classes of maps are 
employed to model primate densities. First, maps of climate and elevation are used to 
differentiate between the evergreen coastal rainforest and the semideciduous forest 
(Oliveira-Filho and Fontes 2000). This distinction is extremely relevant for folivorous 
species (Peres 1997), because leaves from perennial trees are expected to be tougher 
(Coley 1983) and have lower nutritional content (Aerts 1996) than leaves from deciduous 
trees. Second, we used maps of human accessibility, land use, and social indicators, 
which can potentially serve as surrogates of anthropogenic disturbance and hunting 
pressure (Siren et al. 2006; Brashares et al. 2001; Laurance et al. 2005). Third, we used 
maps of fragment size. Note that climate and elevation maps reflect local habitat quality, 
whereas the other maps are based on information from the neighboring municipalities and 
road network that surround study sites. 
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Regression Trees 
The statistical analysis of the relationship between environmental factors and 
population sizes is complicated by the existence of interactions (often non-linear) among 
environmental predictors. For example, forest type is known to correlate with 
temperature, precipitation and elevation (Oliveira-Filho and Fontes 2000). Moreover, the 
exact shape of these relationships is unknown. Thus, we decided to use a data mining 
approach that enables us to look for environmental determinants of primate density while 
accommodating for non-linear interactions between predictors and which does not require 
the specification of the relationship between the response and the predictors. Here, we 
will use Random Forest, a tree regression method (Breiman 2001; Liaw and Wiener 
2002). This method recently started being applied in several areas of biology involving 
data mining, such as bioinformatics (Pang et al. 2006) and niche modeling (Garzon et al. 
2006; Prasad et al. 2006). The algorithm works by iteratively splitting the group of data 
points. Each tree node represents a splitting rule (e.g., “elevation > 1500 m”), and nodes 
are followed by two branches representing the newly separated data points. More 
specifically, the splits are performed using the predictor variables to partition the 
response variable into two groups, so as to maximize the between-groups sum of squares. 
The output tree contains a series of branches representing the optimized sequence of 
splitting rules. Random Forest grows hundreds of trees, each one using a subset of the 
independent variables. The resulting trees are then averaged to obtain the final model, a 
procedure that reduces overfitting (Breiman 2001). As in other niche model and 
classification tools, data points are partitioned into a training set, used to construct the 
model, and a testing set, used to access model accuracy. For a very accessible review of 
regression tree methods, see Berk (2006). 
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METHODS AND ANALYSES 
Study Area 
The study area comprises four Brazilian states: São Paulo, Rio de Janeiro, Minas 
Gerais and Espírito Santo (Figure 4-1). The region spans the two main Atlantic forest 
domains: the Atlantic rainforest and the Atlantic semideciduous forest. The former 
comprises areas up to 300 km inland that have high annual precipitation due to oceanic 
winds and mountain ranges, whereas the latter includes plateau areas with higher 
elevation and lower annual precipitation. For a detailed description of the forest types, 
see Oliveira-Filho and Fontes (2000). 
 
Target Genera 
We focus on five genera: (1) Brachyteles (muriqui), the largest species at 12 kg, a 
frugivore-folivore  (Milton 1984; Strier 1991) that is distributed along the Brazilian 
southern states of São Paulo, Rio de Janeiro, Espírito Santo, and Minas Gerais, and the 
states of Paraná and Bahia; (2) Alouatta (howler monkey), a folivore (Glander 1978; 
Mendes 1989; Peres 1997) weighing 6.4 kg, distributed in the Brazilian south and all the 
way to the northeast along the coast; (3) Cebus (capuchin monkey), an insectivore-
frugivore (Fragaszy et al. 2004) weighing 2.5 kg inhabiting the entire country except the 
extreme south; (4) Callicebus (titi monkey), a folivore-frugivore (Price and Piedade 
2001) weighing 1.35 kg  inhabiting the Brazilian southeast, northeast and Amazon; and 
(5) Callithrix (marmoset), the smallest species at 0.30 Kg. Neotropical marmosets feed 
on a large range of plant materials, including gums, fruits, and seeds, as well as animal 
preys (Correa et al. 2000). They are distributed along the Brazilian southeast, northeast 
and Amazon. 
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Compilation of Census Data 
We compiled a list of census studies carried out between the years of 1993 and 
2005 (Fig. 4-1; Appendix I). In order to make the data comparable, we selected studies 
that used the line-transect technique (Buckland et al. 2001). This method basically 
consists of establishing transects distributed randomly or stratified according to habitat 
type and counting the number of individuals encountered. Information on straight-line 
distance to observed individuals is used to calculate the effective strip width (ESW) and 
estimate local density. Line transect is considered one of the most precise census 
techniques and due to its simplicity and cost-effectiveness, it has been applied to census a 
broad range of animal and plant populations (Buckland et al. 2001). A total of 17 census 
studies using line-transect technique were found, and 16 were carried out within the 
Brazilian southeast. Out of those 16 studies, four were excluded: one study reported large 
within-site variation but did not provide separate density values for those sites (Hirsh et 
al. 1994); a second study was performed in a field site for which more recent information 
was available (Pinto et al. 1993); a third dataset (Chiarello 1993) reported extremely high 
density values for Alouatta in an urban park in Sao Paulo State. Preliminary models using 
this data point predict that all urban centers will have the highest howler densities. 
Although it is our intention to predict the impact of urbanization on primate densities, we 
believe that the conditions leading to the density value observed by Chiarello (1993) are 
probably tied to historical factors and latent variables that we are presently unable to 
measure. Last, we excluded data from Anchieta Island (Bovendorp and Galetti 2007) 
because this island has been a target of “repopulation” initiatives and several vertebrate 
species have been recently introduced in the area. 
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GIS 
For each primate genus, we obtained a grid map containing values for the 
dependent variable to be used in the tree regression, primate density (individuals / km2). 
In order to locate study sites for which density information was available, we used a map 
of percent tree cover (Modis Vegetation Continuous Fields, Hansen et al. 2003), a forest 
inventory available for Sao Paulo state only (BIOTA-Fapesp), and the figures available in 
the original publications. For large parks in São Paulo state, we used the location of 
transects buffered by a distance of 500 m. Data were pooled for small, contiguous 
fragments. Those fragments are (1) Sao Lourenço, Santa Lucia and Augusto Ruschi, and 
(2) M7 and Putiri, all of them in Espírito Santo state (see Chiarello 2003). In these cases, 
primate densities were averaged across fragments. 
In addition, we obtained 12 grid maps representing the independent variables to 
be used in the tree regression (Table 4-2). Two grid maps are derived from least-cost path 
estimates used to model human movement across the landscape. The first one contains, 
for each cell, the number of people that can reach that cell when traveling by road for a 
maximum of 30 minutes. This was based on human census data for each municipality and 
a road network map. The model was built using the module Network Analyst within 
ArcGIS (ESRI, California). We assumed people departed city centroids and traveled 
along federal and state highways at a speed of 100 km/hour. Since location of city streets 
and dirt roads was not available, it was assumed individuals leaving highways would 
travel to their final destinations along a straight line, at 50 km/hour. A second grid map 
represents human accessibility, assuming people are moving by foot. The map contains 
the relative cost to reach each cell from the nearest city, assuming that cost is a function 
of distance and slope. 
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Table 4-2:  List of GIS layers containing the independent variables used in the tree 
regression analysis. 







Percent tree cover perctree % 500 2001 1 
Mean annual 
temperature 
mean_temp Celsius * 10 800 1950 - 2000 2 
Temperature 
seasonality 
var_temp SD * 100 800 1950 - 2000 2 
Total annual 
precipitation 
precip mm 800 1950 - 2000 2 
Precipitation 
seasonality 
var_precip Coefficient of 
variation 
800 1950 - 2000 2 
Elevation elevation Meters 1000 various 3 
Slope-based 
accessibility 

















Industry industry Number of units Per city 1996 4 




Per city 1995 4 
Median income income Median income 
for all people 
older than 10, in 
Reais 
Per city 2000 4 
Fragment size size Unitless  
(size classes 
from 1 to 6) 
20 1999 - 2000 6 
Hansen et al. 2003; (2) Hijmans et al. 2005; (3) Danko 1992; (4) IBGE 1996; (5) DNIT 
2001; (6) Eva et al. 2002. 
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Although urban centers are obviously served by a large concentration of roads, 
some agricultural areas are also located near highways. In order to distinguish between 
these two land use types, we produced maps containing values of area devoted to 
agriculture, as well as degree of industrialization. In addition, a map of median income 
for each municipality (IBGE 1996) was produced in an attempt to obtain a surrogate for 
anthropogenic disturbance and/or hunting pressure.  Last, forest fragments were mapped 
using a global land cover database (Eva et al. 2002). After excluding areas classified as 
“mosaic agriculture/degraded forest”, the area for each fragment was calculated. We then 
assigned each cell with a value representing the size, in hectares, of the fragment where 
the cell is located. Six classes were used:  (1) < 100; (2) > 100 and < 316; (3) >316 and < 
1000; (4) >1000 and < 3162; (5) > 3162 and < 159,000; (6) > 159,000. All maps were re-
scaled to 500-m resolution. All GIS analyses were performed using ArcGIS 9.2 (ESRI, 
California). Map layers can be made available upon request to the first author. 
 
Random Forest 
The parameters used in the Random Forest run were: 3 independent variables 
(Table 4-2) could be used at each split; sampling was stratified, in such a way that all 
study areas are used to grow each tree; 500 trees were grown. After the run, we computed 
the variable importance for all independent variables. This is estimated in two ways: 
mean percent increment in square error, which is the average increase in prediction error 
when a given predictor is shuffled, and percent increase in node impurity, which is the 
within-node variation (residual sum of squares) obtained when the variable is shuffled 
(Breiman 2001; Prasad et al. 2006). Also, partial plots were constructed to study the 
relationship between the four most important environmental correlate and primate 
density. These plots are built by computing the relationship between the target predictor 
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and the response averaged over the joint values of the other variables (Berk 2006). Last, 
the models were used with the entire range of values in the Brazilian southeast in order to 
predict density values for this region. All statistical analyses were performed in R (R 




When analyzing data for individual genera, we found no significant relationship 
between sampling effort (number of kilometers sampled) and density for Alouatta (p = 
0.76), Brachyteles (p = 0.47), Callicebus (p = 0.59), Cebus (p = 0.08) or Callithrix (p = 
0.85). If absences are removed, there is a significant relationship between log-
transformed proportional sampling effort (number of kilometers sampled / area of study 
site) and log-transformed density for Alouatta (p < 0.001; Density = 0.68 + 0.61 * 
Sampling effort; R2 = 0.36) but not for the remaining species (Brachyteles, p = 0.14; 
Cebus, p = 0.76; Callicebus, p = 0.25; Callithrix, p = 0.69). 
For all genera, most sites are “coldspots” with lower densities and few sites are 
“hotspots”. Within-genus variation in density reached three orders of magnitude for some 
genera: for Alouatta, density (individuals / km2) ranges from 0.29 to 176.80 (mean ± SD: 
23 ± 38, N = 20). For Brachyteles, density ranges from 0.42 to 35.11 (9.63 ± 11.6, N = 
10). Density values for the genus Cebus range from 0.90 to 49.88 (16.63 ± 15.25, N = 
23). For Callithrix, density ranges from 1.83 to 110.3 (22.1 ± 29.4, N = 10). Last, density 
for Callicebus ranged from 3.5 to 157 (24 ± 45.34, N = 9). No significant difference was 
found in among-genera densities (Kruskal-Wallis rank-sum test, p = 0.09). 
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Determinants of Primate Density  
A tree regression analysis using Random Forest was performed to study the effect 
of 12 variables (Table 4-2) on primate density. For all genera, the model was able to 
explain more than 90% of the variability in the training set. The output models produced 
by Random Forest were applied to the entire Brazilian southeast region (Figures 4-2, 4-4, 
4-5, 4-6). For all genera, the five most important predictors of primate density included 
precipitation and temperature, although genera responded differently to these climatic 
variables (Table 4-3). The five genera also displayed different responses to land use. For 
example, an increase in the area devoted to agriculture had a positive impact on the 
densities of Callicebus spp., but a negative impact on Alouatta spp.; also Cebus spp. 
displayed higher densities in the vicinity of industrialized cities (Table 4-3). In most 
cases, partial plots showed a simple negative or positive influence of the independent 
variables on densities (shown as “+” or “-“ on Table 4-3), but sometimes densities peaked 
at intermediate conditions (in this case, actual values are shown on Table 4-3). For 
example, density for Callithrix spp. was highest at intermediate values of median income 







Table 4-3:  List of the five most important determinants of primate density for five 
primate genera. See Table 3-2 for variable codes.  
Variable Brachyteles Alouatta Callicebus Cebus Callithrix 
perc_tree   -   
cost_slope -     
mean_temp  20 ºC -  24 ºC 
var_temp +   + - 
var_precip + +  +  
precip  - + 1400 to 1800 
mm 
1200 mm 
elevation -   - - 
income +  -  200 to 300 
Reais 
industry    +  
crop  - +   
size  3162 to 
159,000 ha 





















































Figure 4-3:  Map of predicted densities of howler monkeys (Alouatta spp.) in 


























Figure 4-4: Map of predicted densities of capuchin monkeys (Cebus spp.) in 





































































Predicted Primate Density Hotspots 
The analyses carried out in the present work enable us to tease apart the effects of 
anthropogenic impact and forest type on densities of primate species inhabiting a highly 
disturbed ecosystem. For all species, densities decreased with fragment size, although this 
variable was not always an important predictor of primate density (Table 4-3). 
Accessibility by road is not an important predictor of density for any of the target genera 
(Table 4-3). Accessibility by foot was modeled as a function of slope (see Methods) and 
had a positive impact on Cebus spp., Callithrix spp. and Brachyteles spp. (Table 4-3), 
that is, areas considered accessible had higher primate densities. This variable is thus 
probably serving a substitute for slope. Overall, results suggest that patterns of land use 
and social indicators from municipalities where fragments are located provide better 
estimates of anthropogenic impact than models of human movement. 
For all genera but Cebus, areas with non-zero estimated density extended beyond 
the described distribution for the species used to train the model. There are a few possible 
reasons that might explain this result. First, there are different accounts on the southern 
edge of distribution for the genus Callicebus (Rylands and Faria 1993; Hirsh et al. 2006). 
For Callithrix spp. and Alouatta spp., the Random Forest model probably identified areas 
in the cerrado (the Brazilian savanna) showing climatic patterns that are similar to the one 
found in the Atlantic forest. The cerrado ecosystem is inhabited by species that have not 
been considered in our analyses but that nevertheless belong to the target genera studied 
here, such as Callithrix penicillata and Alouatta caraya.   
The largest genus, Brachyteles, did not display a clear preference for a particular 
forest type, as densities are predicted to be high in coastal zones as well as inland (Figure 
4-2). Predicted hotspots are low, flat rainforest zones in São Paulo State and Espírito 
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Santo, as well as semideciduous forest in Minas Gerais and west of São Paulo (Figure 4-
2). Fragments located in municipalities with low income displayed lower densities (Table 
4-3). Income has been demonstrated to correlate with hunting pressure in other 
ecosystems (Shively 1997), although researchers differ in the procedure used to estimate 
income (Godoy et al. 2006) and many other factors such as employment stability might 
also play a large role in people’s decision to consume wild meat (Siren et al. 2006). 
Income might also be correlated with pet trade, but to our knowledge no studies have 
demonstrated this relation. 
The most folivorous genus, Alouatta, showed a clear preference for areas with 
high precipitation seasonality, low annual precipitation, and high temperature seasonality 
(Table 4-3). Predicted hotspots are thus areas of semideciduous forest in Minas Gerais 
(Figure 4-3). This is in accordance with recent models developed for the Neotropics as a 
whole (Peres 1997), which showed that variation in density for Alouatta is largely 
governed by primary productivity. Fragments located in agricultural zones had lower 
Alouatta density, suggesting a negative effect of the landscape matrix that surrounds 
forest fragments, and/or that inhabitants of rural zones are more likely to engage in 
hunting activities. 
The capuchin monkey (Cebus spp.) showed a preference for areas with low 
elevation, high mean temperatures, high temperature seasonality, and high precipitation 
seasonality (Table 4-3). Industrialization had a positive impact on this genus, which is not 
surprising given its known diet flexibility and adaptability to urban habitats (Galetti and 
Pedroni 1994; Fragaszy et al. 2004). The hotspots for Cebus are low, flat areas in São 
Paulo and Espírito Santo, as well as semideciduous forests in São Paulo and Minas 
Gerais (Figure 3-4). 
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Densities for titi monkeys (Callicebus spp.) were higher in regions with relatively 
low mean temperatures, high precipitation, and in fragments embedded in agricultural 
zones (Table 4-3). The fact that titi monkey densities displayed a positive correlation with 
agriculture – as opposed to howlers – is interesting and exemplifies the importance of 
incorporating the landscape context on habitat suitability analyses. Although the 
mechanism driving these differences is not being examined here, it could be related to 
hunting pressure. Howlers forage in medium to large groups, and are diurnal, extremely 
conspicuous species. On the other hand, titi monkeys live in pairs and are canopy 
foragers, thus less likely to be spotted by poachers. The hotspots for Callicebus are the 
Serra do Mar and Paranapiacaba hill chains in São Paulo, as well as central Minas Gerais 
(Figure 4-5). 
Callithrix displays a preference for locations with intermediate values of climatic 
variables and income (Table 4-3). The highest estimated density values are associated 
with ranges of temperature and precipitation that compare favorably with studies done 
using presence-absence data for this genus (Grelle and Cerqueira 2006). As for the 
relationship between marmoset density and median income, it is possible that areas with 
low income have higher hunting pressure, whereas areas with high income also tend to be 
urbanized. In any case, social indicators proved to be better predictors of marmoset 
density than land use data. The predicted hotspots for Callithrix are the forests in Espírito 
Santo (Figure 4-6).  
Overall, our analyses predict that semideciduous forests in Minas Gerais and São 
Paulo state have a large potential to support primate populations, despite the fact that 
most large forest tracts are located along large forest tracts in coastal São Paulo.  
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Areas in Need of Future Research 
Estimates of population sizes derived from the literature suggest that less than half 
of the study sites in the Brazilian southeast hold viable populations of the five genera 
studied here (Table 4-1). We assume 500 individuals is the minimal viable population 
size (Franklin 1980), although some authors consider it an underestimate (Reed et al. 
2003). On one hand, it is not known whether small fragments in urban or agricultural 
zones can support primate populations in the long term (Bernardo and Galetti, 2004). On 
the other hand, studies still need to show the extent to which primate densities in larger 
forest tracts reflect their carrying capacity versus their accessibility to poachers. In this 
scenario, more synthetic studies are needed in order to quantify the relative effects of 
forest quality and landscape context on primate densities. Here are a few questions that 
deserve attention: 
 
(i) Are lower densities in large fragments a real pattern? If primates adjust their 
home ranges in response to fragment size and groups become more mobile in 
larger fragments, a researcher is more likely to observe individuals in a small 
fragment than in a large one, even if both areas have similar densities. Perhaps in 
order to compare density estimates across fragments, sampling effort should be 
scaled according to species’ home range.  
(ii) Are populations in small fragments viable? Although genera such as Alouatta and 
Cebus have proven very adaptable to live in urban and small forest fragments, it 
still remains to be seen whether these populations can overcome the possible 
effects of inbreeding and disease.  
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(iii) In the present study, we found that variables such as land use and social indicators 
can serve as surrogates for anthropogenic impact. However, we are presently 
unable to tease apart the effects of hunting pressure and habitat disturbance. A 
wealth of socio-economic data is published by IBGE, the Brazilian Institute for 
Geography and Statistics (www.ibge.gov). If direct estimates of hunting pressure 
are made available, it would be possible to select the variables that more strongly 
correlate with hunting pressure. 
(iv) Estimates of habitat suitability are highly dependent on the extent of the study 
area and on the resolution used to collect the data. It is possible that a completely 
different set of factors will correlate with fine-scale variation in primate densities. 
For this reason it would be interesting to focus on large conservation units and 
study within-park variation in primate density. 
(v) Finally, primate population studies are not yet available for states such as Rio de 
Janeiro, Parana, and Bahia. These three states still have large protected parks 
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Appendix 
List of studies used in Chapter 3. 
 
Site Genus Species Source 
Used in 
regression? 
S. Jose Callicebus nifrifons 1 Y 
S. Jose Callithrix aurita 1 Y 
S. Jose Cebus nigritus 1 Y 
C. Grande Callicebus personatus 2 Y 
C. Grande Callithrix geoffroyi 2 Y 
C. Grande Cebus nigritus 2 Y 
C. Veado Callithrix geoffroyi 2 Y 
C. Veado Cebus nigritus 2 Y 
Linhares Callicebus personatus 2 Y 
Linhares Callithrix geoffroyi 2 Y 
Linhares Cebus nigritus 2 Y 
Putiri-M7 Callicebus personatus 2 Y 
Putiri-M7 Callithrix geoffroyi 2 Y 
Putiri-M7 Cebus nigritus 2 Y 
Sooretama Callicebus personatus 2 Y 
Sooretama Callithrix geoffroyi 2 Y 
Sooretama Cebus nigritus 2 Y 
Caetetus Alouatta fusca 3 Y 
Caetetus Cebus nigritus 3 Y 
Caetetus Leontopithecus  crysopygus 3 N 
F. Rio Claro Alouatta clamitans 3 Y 
F. Rio Claro Cebus nigritus 3 Y 
F. Rio Claro Leontopithecus  crysopygus 3 N 
M. Diabo Alouatta clamitans 3 Y 
M. Diabo Cebus nigritus 3 Y 
M. Diabo Leontopithecus  crysopygus 3 N 
Mosquito Alouatta clamitans 3 Y 
Mosquito Cebus nigritus 3 Y 
Mosquito Leontopithecus  crysopygus 3 N 
Tucano Alouatta clamitans 3 Y 
Tucano Cebus nigritus 3 Y 
Tucano Leontopithecus  crysopygus 3 N 
A. Sumida Alouatta clamitans 4 Y 
A. Sumida Brachyteles arachnoides 4 Y 
A. Sumida Cebus nigritus 4 Y 
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Monal Alouatta clamitans 4 Y 
Monal Brachyteles arachnoides 4 Y 
Monal Cebus nigritus 4 Y 
Sara Alouatta clamitans 4 Y 
Sara Brachyteles arachnoides 4 Y 
Sara Cebus nigritus 4 Y 
Viraeiro Alouatta clamitans 4 Y 
Viraeiro Brachyteles arachnoides 4 Y 
Viraeiro Cebus nigritus 4 Y 
Vicosa Callicebus nigrifons 5 Y 
Caratinga Brachyteles hypoxanthus 6 Y 
A. Ruschi, S. 
Lourenco, S. Lucia Alouatta clamitans 7 Y 
A. Ruschi, S. 
Lourenco, S. Lucia Brachyteles hypoxanthus 7 Y 
A. Ruschi, S. 
Lourenco, S. Lucia Callicebus personatus 7 Y 
A. Ruschi, S. 
Lourenco, S. Lucia Callithrix flaviceps 7 Y 
A. Ruschi, S. 
Lourenco, S. Lucia Cebus nigritus 7 Y 
F. Neblina Alouatta clamitans 8 Y 
F. Neblina Brachyteles arachnoides 8 Y 
F. Neblina Callicebus personatus 8 Y 
F. Neblina Callithrix aurita 8 Y 
F. Neblina Cebus nigritus 8 Y 
Linhares Alouatta clamitans 9 Y 
Putiri-M7 Alouatta clamitans 9 Y 
Carlos Botelho Alouatta clamitans 10 Y 
Carlos Botelho Brachyteles arachnoides 10 Y 
Carlos Botelho Cebus nigritus 10 Y 
Cardoso Alouatta clamitans 10 Y 
Ilhabela Cebus nigritus 10 Y 
Jureia Alouatta clamitans 10 Y 
Jureia Brachyteles arachnoides 10 Y 
Jureia Cebus nigritus 10 Y 
Jurupara Alouatta clamitans 10 Y 
Jurupara Cebus nigritus 10 Y 
Picinguaba  Alouatta clamitans 10 Y 
Picinguaba Callithrix aurita 10 Y 
Picinguaba Cebus nigritus 10 Y 
S. Virginia-Cunha Alouatta clamitans 10 Y 
S. Virginia-Cunha Brachyteles arachnoides 10 Y 
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S. Virginia-Cunha Callithrix aurita 10 Y 
S. Virginia-Cunha Cebus nigritus 10 Y 
R. doce Alouatta clamitans 11 Y 
Cantareira Callicebus nigrifons 12 Y 
Itapua Alouatta clamitans 13 N 
S. Genebra Alouatta clamitans 14 N 
A. Ruschi, S. 
Lourenco, S. Lucia Alouatta clamitans 15 N 
A. Ruschi, S. 
Lourenco, S. Lucia Brachyteles arachnoides 15 N 
A. Ruschi, S. 
Lourenco, S. Lucia Callicebus personatus 15 N 
A. Ruschi, S. 
Lourenco, S. Lucia Callithrix flaviceps 15 N 
A. Ruschi, S. 
Lourenco, S. Lucia Cebus nigritus 15 N 
Ibitipoca Alouatta clamitans 16 N 
Ibitipoca Callicebus personatus 16 N 
Ibitipoca Callithrix penicillata 16 N 
Anchieta Callithrix penicillata 17 N 
Anchieta Cebus nigritus 17 N 
Sources: (1) Sao Bernardo and Galetti 2004; (2) Chiarello 2000; (3) Cullen et al. 2001; 
(4) Martins 2005; (5) Romanini de Oliveira et al. 2003; (6) Strier et al. 2000; (7) 
Chiarello 2003; (8) Consenza and Melo 1998; (9) Chiarello and Melo 2001; (10) Galetti 
et al., unpublished data; (11) Hirsh 1995; (12) Trevelin 2006; (13) Buss 2001; (14) 
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